The introduced hemlock woolly adelgid (HWA) (Adelges tsugae Annand) has generated widespread tree decline and substantial mortality of eastern hemlock (Tsuga canadensis (L.) Carrière) throughout the eastern United States. To assess the magnitude of ecosystem response to this disturbance, we conducted a multi-year study of forests with and without damage from HWA. Infested forests had significantly higher HWA-induced foliar loss and significantly lower forest floor C:N ratios and soil organic matter than uninfested forests. There were no significant soil temperature differences among stand types, although infested stands did have lower forest floor soil moisture than uninfested stands. Net nitrification and net N mineralization rates were significantly higher in infested versus uninfested forests by the second and third year of this study, respectively. In addition, total N pools and resin bag capture of NH4 and NO3 were significantly higher in infested versus uninfested forests throughout this study. Increases in N were likely due to a combination of factors including enhanced decomposition, reduced uptake of water and N by declining trees, sparse understory vegetation, and N-enriched throughfall from infested canopies. These results confirm that invasive pests can initiate substantial changes in ecosystem function soon after infestation occurs, prior to substantial overstory mortality or understory reorganization.
Introduction
Infestation by introduced pathogens and pests and the resulting selective decline in dominant species is an important ecological, economic, and evolutionary process that alters ecosystem structure and causes cascading changes in the function and value of forest ecosystems (Castello et al. 1995; Enserink 1999; Everett 2000) . In the northeastern US, insect outbreaks have occurred historically and increasingly in the last century (Castello et al. 1995; Liebhold et al. 1995; Orwig 2002a) , causing major reductions in such dominant species as chestnut, elm, and beech (Liebhold et al. 1995; Lovett et al. 2006) . Although exotic pests and pathogens may dramatically change ecosystem diversity, forest composition, structure, and microenvironment, their impacts on critical ecosystem processes such as productivity, decomposition, and nutrient cycling and retention are just beginning to be quantified (Vitousek 1986; Schowalter 2000; Lovett et al. 2006) .
Herbivory by forest pests may operate similarly to physical disturbances by affecting plant productivity, community dynamics, water and nutrient fluxes, and climate (Schowalter and Lowman 1999) . Forest pests that cause canopy defoliation can have a significant impact on soil N cycling by depositing frass, greenfall, insect biomass, and senescent leaf tissue to the forest floor (Mattson and Addy 1975; Hunter 2001) . This material is then immobilized and redistributed in the system or mineralized and potentially lost from the system (Lovett et al. 2002) . Even short-term (days to weeks) defoliation events in eastern hardwood forests can lead to increased soil N availability (Frost and Hunter 2004) . The rate of herbivore-induced changes in soil nutrient cycling varies depending on the mechanisms by which insects affect their host (Hunter 2001) . Understanding these changes and the factors that control them will help quantify and predict the various impacts that invasive pests have on forest ecosystems (Parker et al. 1999; Strayer et al. 2006) .
The recent spread of hemlock woolly adelgid (HWA) (Adelges tsugae Annand), an introduced aphid-like insect from Japan that attacks and kills eastern hemlock (Tsuga canadensis (L.) Carrière), provides an opportunity and urgent need to examine the response of insect-induced ecosystem function dynamics as they unfold (Foster 2000) . HWA has spread unimpeded across the eastern US since its initial infestation in Richmond, Virginia, in the early 1950s (Souto et al. 1996) and it now occupies 25% of the total range of hemlock (Morin et al. 2005) . Its widespread distribution has generated extensive mortality and stimulated logging and preemptive salvage of hemlock (Kizlinski et al. 2002; Orwig et al. 2002; Foster and Orwig 2006) . HWA reached southern New England in 1985, produced widespread mortality by 1988, and is currently distributed throughout Connecticut, Rhode Island, and over 40% of Massachusetts (McClure et al. 2000) . Tragically, HWA has the potential to cause regional declines or even functional elimination of hemlock from extensive areas of eastern forests over the next several decades Ellison et al. 2005) . Hemlock has no apparent resistance to HWA and has not yet shown the ability to recover from chronic infestations (McClure 1995; Orwig and Foster 1998; Orwig 2002b) . Given current high rates of adelgid dispersal and hemlock decline, the absence of effective, large-scale biological or chemical control, and hemlock's abundance in New England (>3.5 Â 10 9 cubic feet; 11%-55% of total softwood growing stock; Smith and Sheffield 2000) , the potential ecological, economic, and aesthetic losses are enormous.
Because hemlock is one of the most abundant, long-lived, and shade-tolerant trees in the Northeast, it represents a foundation species (cf. Ellison et al. 2005 ) that plays a unique and dominant role in forest ecosystems. The deep shade and cool, damp microclimates under hemlock trees commonly have low vegetation cover (Daubenmire 1930) . Acidic litter, low nutrient availability, and slow rates of decomposition contribute to slow N cycling in hemlock-dominated forests (Lovett et al. 2004 ). HWA do not directly consume needles but feed on ray parenchyma cells in hemlock twigs (Young et al. 1995) . Over several years, this feeding by HWA populations (twice a year) results in a gradual loss of needles (cf. Stadler et al. 2005) . Consequently, progressive decline from HWA often stimulates a period of forest reorganization leading to new, distinct forest types (Orwig and Foster 1998 ) that may generate profound ecosystem impacts, including altered decomposition, nutrient losses, N export to streams, and erosion (Yorks et al. 2000; Cobb et al. 2006 ). Hemlock's dominance in wetlands and riparian areas enhances the vulnerability of aquatic ecosystems and their related fauna to these changes (Snyder et al. 2002; Ross et al. 2003) . The potential loss of hemlock from forests would also have profound impacts on a variety of wildlife species that rely on this forest type for at least part of their life cycle (Yamasaki et al. 2000; Tingley et al. 2002) .
To date, there have been a few studies that investigate how HWA may alter the flow of energy and nutrients from the canopy to soil (Stadler et al. 2005 (Stadler et al. , 2006 . Two singleyear studies examining the ecosystem response of forests to high HWA-related damage (i.e., 20%-95% overstory hemlock mortality) demonstrated that HWA could affect ecosystem N cycling via direct and indirect pathways Kizlinski et al. 2002) . Questions remaining from this work include the following: What processes drive accelerated N cycling? How long will changes in cycling last? How rapidly and in what manner will ecosystem processes change following initial infestation (cf. Yorks et al. 2000) ? Therefore, our goals in this 3-year study of stands undergoing the early phases of infestation are to (i) investigate the microenvironmental changes associated with the initial decline of hemlock due to HWA feeding over several years in southern New England forests, (ii) document trends in N cycling over time, and (iii) examine the potential drivers of these changes as stands naturally deteriorate from HWA.
Study area
The study area in central Connecticut encompasses the Connecticut River Valley and portions of the eastern uplands (Bell 1985) (Fig. 1) . The region encompasses considerable variation in timing of initial HWA infestation , and is characterized by a humid, continental climate with long, cool winters and short, mild summers (Hill et al. 1980) . Elevations range from 0 to 300 m above sea level and soils are formed primarily from glacial deposits of weathered gneiss, schist, and granite (Reynolds 1979 ). The region is located at the southern limit of the hemlockwhite pine -northern hardwood vegetation type (Nichols 1935 ) and the northern limit of Braun's (1950) oak-chestnut type.
Eight hemlock-dominated sites (>65% importance value) closely similar in physiography were selected for intensive study in 1997 (Table 1) . Only upland sites within the same soil order (i.e., Inseptisols) were selected, because complex interactions between variables such as soil texture, C:N ratios, and N mineralization rates may exist. Since we were interested in examining ecosystem function changes that oc-cur as hemlock deteriorates with chronic adelgid feeding, we selected sites that initially had moderate to high HWA infestation levels but low levels of overstory mortality.
Methods

Field measurements
Vegetation and soil were sampled in three 0.04 ha plots systematically located in the central portions of each stand in spring of 1998. All trees (stems 8 cm diameter at breast height (DBH)) were tallied by species and DBH and assigned a canopy position based on the amount of intercepted light received by the tree crown (Smith 1986 ). Relative importance values were calculated for each overstory species as: (relative basal area + relative density)/2. Hemlocks that died within the last 2-4 years, identified by retention of fine twigs in the crown (cf. Orwig and Foster 1998) , were also tallied to determine hemlock abundance prior to HWA infestation. Foliage in the upper crown was inaccessible at our study sites, so understory trees, recently blown-down trees, and low-hanging foliage at each site were inspected to monitor HWA presence and infestation level. A visual crown loss designation (cf. Orwig and Foster 1998) was assigned to each hemlock tree based on the percentage of dropped foliage (e.g., healthy: 1%-25%, 26%-50%, 51%-75%, 76%-99%, and 100%; or dead). Eight randomly selected trees in each plot were cored at DBH for age determination.
All vascular plant species in each plot were recorded, along with slope, aspect, and topographic position. Saplings (<8 cm DBH and >1.4 m tall) were tallied by species. Ten 1 m 2 subplots were established in each plot at each of the corners and at six additional randomly selected points to assess understory vegetation. In each subplot, percent cover of seedling, herb, and shrub species were estimated using the
Braun-Blanquet scale (Mueller-Dombois and Ellenberg 1974).
Soil microclimate
Soil temperatures at 1 and 5 cm depths were measured continuously at two subplots in each plot during the growing season. Temperature was recorded every 30 min with Hobo 1 data loggers and averaged daily for each horizon. Soil moisture was determined gravimetrically (105 8C for 48 h) during each net N mineralization measurement. Hemispherical photographs were taken from the center of each sampling plot at the beginning of the study to quantify the understory light environment. Photographs were analyzed with Gap light analyzer software ( # 1999 Simon Frazer University, Burnaby, British Columbia, Canada and Institute of Ecosystem Studies, Millbrook, New York, USA) to calculate light transmission through forest canopies (Frazer et al. 1999 ).
Physical and chemical analyses
Within each study plot, the following properties of soils collected for initial N mineralization analyses (see below) were determined: organic matter by loss on ignition (5.5 h at 550 8C), pH in a soil and CaCl 2 slurry (1:10 organic soil -solution; 1:4 mineral soil -solution), and total C and N content by dry combustion with a Fisons CHN autoanalyzer. Mineral soil texture was determined with a Coulter LS 200 laser diffraction particle size analyzer.
Nitrogen cycling
Net N mineralization
Nitrogen mineralization was measured from May 1998 to May 2001 using a modified core method (cf. Hart et al. 1994; Robertson et al. 1999) . At each overstory plot, closed-topped cores were installed in four, 5 m Â 5 m subplots at 5-week intervals during each growing season from 1998 to 2000, and with a 23-week over-winter incubation each year. At the beginning of each sampling period, soil was extracted with sharpened polyvinylchloride (PVC) cores (25 cm long) and immediately separated into mineral and organic layers. A second core was incubated in the field for 35 d and then removed and separated by horizon. Cores were installed to a depth of 20 cm, and the bottom 1 cm of each core was removed to prevent root invasion from below in incubated cores, and for consistent volume among samples in initial cores.
Soil samples were returned to the laboratory on ice and processed the next day. Forest floor (organic) and mineral soils were passed through a 5.0 mm mesh screen, weighed for total mass, and subsampled for gravimetric moisture and inorganic N. To determine soil NH 4 -N and NO 3 -N concentration, approximately 10 g of forest floor and mineral soil was placed into 100 mL of 1 molÁL -1 KCl for 48 h. Soil extracts were filtered through a coarse pore filter (0.45-0.6 mm), and inorganic N concentrations were determined colorimetrically with a Lachat AE flow-injection autoanalyzer (Lachat Instruments, Inc., Milwaukee, Wisconsin), using the indophenol-blue (Lachat Instruments, Inc., 1990a) and cadmium reduction methods (Lachat Instruments, Inc., 1990b) for NH 4 -N and NO 3 -N, respectively. Net N mineral- 
N mobility
An additional assessment of forest floor N availability and mobility was determined at each soil subplot from mixedbed cation + anion resin bags (IONAC NM-60, Sybron Chemicals Inc., Birmingham, New Jersey; cf. Binkley and Matson 1983) . Approximately 10 g of resin was placed in nylon mesh bags and pretreated with 2 molÁL -1 KCl before deployment for 6-month intervals (growing-season and over winter). Resins were deployed at the forest floor -mineral soil interface at a depth of *5 cm within 0.5 m from N mineralization incubations. Resins were returned to the laboratory on ice, dried at 105 8C for 24 h, and extracted in 2 molÁL -1 KCl. Inorganic N was determined by the methods described for soil N extracts.
Data analyses
Each study site was treated as an experimental unit (n = 6 and 2 for infested and uninfested stands, respectively) and annual values of net nitrification and mineralization, and N pool sizes were summed and compared between infested and uninfested stands using Wilcoxon rank-sum tests. In addition, Wilcoxon rank-sum tests were used to examine the effects of HWA on average annual soil temperature and moisture. Pearson's correlation coefficients were calculated to determine the degree of relationship among HWA canopy impacts, ecosystem properties, and soil temperature and moisture. All statistical analyses were conducted using SAS version 9.1 (SAS Institute Inc. 2004). Significance levels were set at a = 0.05 for all analyses.
Results
Stand classification
At the beginning of year 1 of the study, each site was dominated by hemlock trees in all crown classes, with overstory relative importance values between 69% and 89% and trees between 68 and 116 years old (Table 1) . Stand composition included low percentages of hardwood species such as red oak (Quercus rubra L.), black birch (Betula lenta L.), and red maple (Acer rubrum L.). Study sites were classified into two broad categories: uninfested control sites (n = 2) and HWA infested sites (n = 6). Uninfested control sites contained full, healthy crowns, and low understory light levels at the beginning of the study (Table 1) . Infested stands had low but significantly higher overstory mortality levels than uninfested stands (3.1% vs. 0.5%), contained live trees with significantly greater foliar loss (2.9 vs. 1.6 average foliar loss class), and had significantly higher understory light levels (10.9 vs. 5.3 GLI values; paired t tests, P < 0.05). At the beginning of the study in 1998, understory vegetation was sparse in all stands, averaging <1% cover and <1 stemsÁm -2 (data not shown). Understory species present in low densities included A. rubrum, B. lenta, T. canadensis, and partridgeberry (Mitchella repens L.).
Site and soil characteristics
Stands were located at elevations of 15-260 m above sea level on predominantly northern aspects and moderate slopes of 5%-30% (Table 1) . Sites consisted of sandy loam, silt loam, and loam soils (Table 2 ). There were significant differences in several soil properties between infested versus uninfested sites. Sites infested with HWA had significantly higher forest floor pH and significantly lower soil C:N and soil organic matter content than uninfested sites (paired t tests, P < 0.05). Mineral soil characteristics were not significantly different between infested and uninfested sites.
Microenvironmental trends
Each of the 3 years of the study differed in overall climatic conditions. The first year, 1998, was generally warm and moist, 1999 was warm and dry, and 2000 was cool and moist. Despite these differences in climatic conditions among study years, we found no significant time effects in ANOVA models used to explore the influence of sample year on our analyses (P > 0.05). Initial HWA infestation did not have an effect on forest floor moisture levels; however, infested stands had significantly lower forest floor Note: Hemlock relative importance value was calculated as (relative basal area + relative density)/2 derived from three fixed-area plots in each stand. Hemlock crown foliar loss classes were ascribed to each hemlock tree >8 cm DBH based on the amount of dropped foliage: 1, 1%-25%; 2, 26%-50%; 3, 51%-75%; 4, 76%-99%; 5, dead (cf. Orwig and Foster 1998) . Gap light index values were calculated from hemispherical photographs taken within each sampling plot using software designed to measure light transmission through forest canopies (Frazer et al. 1999). moisture levels than control stands by year 3 of this study (Wilcoxon rank-sum test, Z = 1.833, P < 0.05) (Fig. 2) . In contrast, even though mineral soil moisture levels appeared slightly higher, there was no significant effect of HWA infestation on mineral soil moisture levels (Wilcoxon ranksum tests, P > 0.2) (Fig. 2) . Likewise, there were no significant forest floor nor mineral soil temperature differences between infested and uninfested stands (Wilcoxon rank-sum tests, P > 0.2) (Fig. 2) .
Inorganic N pools and cycling rates
There were significant differences in N pool sizes between infested and uninfested stands across the 3 years examined in this study (Wilcoxon rank-sum tests, Z = -1.833, P < 0.05) (Fig. 3) . In particular, total N pool sizes were con- sistently greater in stands infested with HWA. In addition, NO 3 -N pool sizes were greater in infested stands in years 1 and 3 of this study (Wilcoxon rank-sum tests, Z = -1.833, P < 0.05).
The initial phase of HWA infestation appeared to have little effect on total net N mineralization (ammonification + nitrification) rates, as they did not differ between infested and uninfested stands in year 1 of this study (P = 0.08) (Fig. 4) . By year 2, net nitrification rates were significantly greater in infested stands (Wilcoxon rank-sum tests, Z = -1.833, P < 0.05). Similarly, net mineralization rates were greater in infested stands by the third year of this study (Wilcoxon rank-sum tests, Z = -1.833, P < 0.05).
Resin bag N capture
Resin bags incubated in the same subplots where soil core measurements took place successfully captured NH 4 and NO 3 , providing an additional index of inorganic N availability. Similar to total net N mineralization, there was no difference in NH 4 and NO 3 capture in year 1 of this study (P = 0.12) (Fig. 5) . For years 2 and 3, nitrate capture was significantly higher in infested versus uninfested stands, whereas ammonium capture was only significantly higher in year 3 of this study. There was a great deal of variability among resin bag N capture within infested stands (Fig. 5) . Overall, more nitrate was captured on resin bags than ammonium. Resin bag N capture appeared to be a very reliable indicator of soil N cycling in this study, as the correlation between resin bag NO 3 capture and soil net nitrification rates was r = 0.995, (P < 0.05). In addition, resin bag NO 3 and NH 4 capture were significantly correlated with net N mineralization rates (r = 0.830 and 0.862, respectively) and total soil N pools (r = 0.889 and 0.764, respectively).
Relationship between soil N and microenvironment
There was a strong relationship with measured forest floor N and soil temperature over the 3-year period of this study (Table 3) . Across all sites, forest floor N cycling, total soil Fig. 3 . Mean soil extractable NH4 and NO3 pools in hemlock woolly adelgid infested and uninfested eastern hemlock forests by incubation period. Data are means ± 1 SE (n = 6 and 2 for infested and uninfested stands, respectively). N pools, and NO 3 capture were all significantly and positively correlated with forest floor temperature. There were no significant relationships with mineral soil temperature and soil N cycling or availability. In addition, soil moisture appeared to be less important for soil N cycling or availability, as it was not significantly correlated with any of the measured soil N parameters (Table 3) . Gap light index and overstory hemlock mortality were negatively correlated with forest floor moisture content and positively correlated with forest floor temperature.
Discussion
At the beginning of the study, all stands examined had low overstory mortality levels and a range of crown conditions, from healthy uninfested trees to trees that had lost >50% of their foliage. This low to modest crown damage did lead to increased light levels at some sites (e.g., Higby Mountain, Devil's Hopyard, Sunrise Resort), but had not yet stimulated major changes in understory composition. Average percent cover of understory vegetation was <1 m -2 , and birch seedlings were only present at densities <1 m -2 . We have subsequently observed more dramatic vegetation changes at these sites as the crowns have continued to thin (D.A. Orwig et al., unpublished data) , and related studies of hemlock stands with more substantial HWA damage have reported dense black birch seedlings (5-10 m -2 ) and saplings (1000-8000 ha -1 ) along with other species like A. rubrum, sassafras (Sassafras albidum (Nutt.) Nees), and oak (Quercus) species (Orwig and Foster 1998; Small et al. 2005; Stadler et al. 2005; Eschtruth et al. 2006) .
Our multi-year study of lightly damaged forests was designed to investigate the ecosystem function changes associated with HWA infestation as they unfolded. Our findings suggest HWA-induced foliar loss in this study may have already had an influence on forest floor parameters, as C:N and soil organic matter were significantly lower and pH was significantly higher in infested forests compared with uninfested forests.
In addition, as infestation progressed in this study, there were significant increases in net N mineralization and net nitrification rates in infested versus uninfested forests. Significant correlations among HWA canopy effects, changes in microclimate, and soil N cycling suggest that ecosystem changes documented here are a direct result of HWA infestation. Our findings are consistent with studies examining more extensive hemlock decline and mortality that also resulted in increased nitrification rates Yorks et al. 2000; Kizlinski et al. 2002) . By the third year of our study, net nitrification rates were an order of magnitude higher in infested stands. In addition, total N pool sizes and both NH 4 and NO 3 availability were significantly higher and increased over time at sites with HWA infestation versus uninfested sites, suggesting that the typically ''slow'' N cycling associated with healthy hemlock forests has already been substantially altered (Lovett et al. 2004) . Jenkins et al. (1999) hypothesized that accelerated cycling was driven by increases in soil moisture and temperatures associated with HWA outbreaks. The modest level of HWA-induced damage observed in this study did lead to drier organic soils in infested forests. Drier organic horizons are consistent with those observed in other heavily HWAdamaged stands because of higher evaporative losses at the soil surface (Kizlinski et al. 2002) . Decomposition rates of green foliage placed on the soil surface in these same forests were significantly lower during 1998 and 1999 in infested versus uninfested forests; desiccation at the soil surface was the primary factor influencing these differences (Cobb et al. 2006) . However, decomposition of senescent litter may have increased below the soil surface, because of better conditions. A 6-month study using a common cellulose substrate showed significantly faster rates of decay 5 cm below the soil surface than at the soil surface in HWA-infested stands . It is likely that the combination of enhanced subsurface decomposition, reduced uptake of both water and N by declining trees, and the absence of additional understory vegetative uptake contributed to increases in pool sizes and availability.
An additional factor that likely contributed to enhanced N availability observed in this study is throughfall received by forest soils beneath HWA-infested trees. Throughfall enriched in N from insect frass and (or) leached from foliage has been observed following pest defoliation events (Hunter et al. 2003) , and Stadler et al. (2005 Stadler et al. ( , 2006 found that throughfall and litter leachates under HWA-infested crowns were significantly enriched in total N, dissolved organic N (DON), and nitrate N. These higher N fluxes likely contribute to the N captured on soil resin bags in this study, although the amount captured from throughfall is currently unknown. There were no appreciable differences in soil temperature between infested and uninfested forests in this study. However, temperature appeared to play an important role in nutrient cycling, as it was strongly and positively correlated with N pools, N cycling rates, and N availability for the duration of the study. Thinning crowns and initial hemlock mortality, although low at early stages of infestation examined in this study, were strongly related to forest floor temperature. As predicted by Jenkins et al. (1999) and observed elsewhere (Kizlinski et al. 2002) , temperatures should continue to increase in these forests over time with progressive crown deterioration and lead to accelerated N cycling and greater N availability.
Although stands were in an early stage of HWA infestation, we did observe clear evidence that N cycling was altered in these forests. Increases in net N mineralization and nitrification rates, along with increased N pools and available N associated with HWA over the duration of this study, suggest that rates are likely to increase in the future, as HWA will remain and continue to feed in these forests. However, we still do not know the duration or consequences of enhanced N availability, or whether regeneration demand will eventually exceed this. Jenkins et al. (1999) reported significantly higher nitrification rates on infested sites that had substantial understory vegetation establishment, suggesting that seedling demand for inorganic N was exceeded by ammonium-N production and subsequent nitrification. If production of nitrate is not balanced with vegetative uptake, continued hemlock decline could trigger nutrient leaching (Vitousek and Reiners 1975) . Outbreaks of native and exotic foliar herbivores have resulted in significant pulses of NO 3 leached into streams (Swank et al. 1981; Eshleman et al. 1998; Lewis and Likens 2007) . Because hemlock forests are often located along streams and in wetlands, N leaching to aquatic systems is possible if HWA-induced declines lead to similar changes in N loss in those systems (Yorks et al. 2000) .
Ultimately the impact of HWA on nutrient cycling may last much longer than the period of infestation leading to hemlock mortality, as hemlock is often replaced by deciduous species in these forests, which commonly have greater decomposition and N-cycling rates. Additional long-term studies are needed to adequately document the immediate and long-term impact of hemlock deterioration and loss on both terrestrial and adjacent aquatic systems (cf. Ellison et al. 2005 ) to adequately forecast the overall impact of this invasive pest.
